Citation: Fugère, V., A. Kasangaki, and L. J. Chapman. 2016. Land use changes in an afrotropical biodiversity hotspot affect stream alpha and beta diversity. Ecosphere 7(6):e01355. 10. 1002/ecs2.1355 Abstract. Land use changes such as deforestation and agricultural expansion strongly affect stream biodiversity, with several studies demonstrating negative impacts on stream alpha diversity. Effects of forest conversion on stream beta diversity are much harder to predict, both because empirical studies are few and because competing theories suggest opposite responses. Moreover, almost no data exist for tropical Africa, a region that is paradoxically a hotspot of both current deforestation and freshwater biodiversity. Here, we compared environmental variables, invertebrate community composition, and alpha and beta diversity of forested and deforested (agricultural) streams in and around Kibale National Park, Uganda. We found that forest conversion strongly influenced stream environmental variables and invertebrate community composition, and that agricultural land use reduced stream alpha diversity. However, amongstream beta diversity was greater across the agricultural landscape than inside the forest. Decomposing beta diversity into taxa replacement and richness differences demonstrated that replacement contributed a similar proportion to total beta diversity in both land use classes. Because of this greater beta diversity, the agricultural landscape had similar gamma diversity as the forested landscape despite its lower alpha diversity. We discuss conservation implications of these land use-associated biodiversity changes in a highly diverse yet little-studied deforestation hotspot.
Global land use change such as conversion of forests into agricultural fields and pastures is a major driver of biodiversity change in both terrestrial and aquatic systems (Sala et al. 2000 , Foley et al. 2005 , Millennium Ecosystem Assessment 2005 . Although often overlooked in conservation planning and land management schemes, stream ecosystems are especially affected by forest conversion because they receive terrestrial inputs such as sediment, nutrients, and contaminants via runoff in their watershed (Dudgeon et al. 2006 , Abell et al. 2007 , Strayer and Dudgeon 2010 . Common effects of agricultural land use on streams include sedimentation and siltation linked to catchment erosion, increased nutrient and pollutant concentrations associated with fertilizer and pesticide runoff, and decreased habitat quality for stream organisms due to such factors as elevated water temperature and lower dissolved oxygen (DO) concentration (Allan v www.esajournals.org
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2004). Because of these influences on stream habitat integrity and water quality, land use change is consistently listed as one of the most important threats both to the biodiversity of streams and to the important ecosystem services that they provide (Sala et al. 2000 , Dudgeon et al. 2006 , Dugan et al. 2010 , Vörösmarty et al. 2010 , Collen et al. 2014 .
Many studies from both temperate and tropical regions have demonstrated that declines in water quality associated with land use often lower stream species richness and/or other indicators of alpha diversity (Allan 2004 , Ramirez et al. 2008 . Land use changes may also influence beta diversity (i.e., variation in assemblage composition across the landscape; Whittaker 1960 Whittaker , 1972 , a component of biodiversity that has received comparatively less attention until recently despite its obvious relevance for conservation planning (Ferrier 2002 , McKnight et al. 2007 , Anderson et al. 2011 . Effects of forest conversion on stream beta diversity are much harder to predict, both because empirical studies are few and because competing theories suggest opposite responses. On one hand, cultural eutrophication (i.e., a rise in nutrient concentration and primary productivity associated with agricultural land use in a watershed) may increase beta diversity by strengthening stochastic processes during community assembly (Chase and Leibold 2002 , Chase 2010 , Bini et al. 2014 . Indeed, if a larger proportion of the regional species pool can persist in more productive than less productive environments, stochasticity in colonization history can lead to "multiple stable equilibria" of community structure, thereby increasing beta diversity (Chase 2010) . On the other hand, deforestation also causes habitat degradation that negatively affects many pollution-intolerant taxa; this should allow a smaller, not larger, fraction of the regional species pool to maintain viable populations at deforested sites, thus lowering beta diversity. Moreover, some abiotic effects of forest conversion on streams such as silt deposition on the stream bed and loss of woody debris could reduce habitat heterogeneity among streams, leading to biotic homogenization and lower beta diversity (e.g., Passy and Blanchet 2007, Donohue et al. 2009 for an example in lakes). Finally, deforestation could influence the dispersal of aquatic taxa with terrestrial, aerial life stages (e.g., aquatic insects; Petersen et al. 2004 , Smith et al. 2009 ), which would also affect stream beta diversity (Matthiessen and Hillebrand 2006, Heino et al. 2015a) . Of course, multiple mechanisms could be simultaneously at play, such that their combined effects remain unknown. Indeed, the few recent studies that have examined effects of land use on stream beta diversity have reached contradictory conclusions (Heino et al. 2009 , Gutiérrez-Cánovas et al. 2013 , Bini et al. 2014 , Johnson and Angeler 2014 , Larsen and Ormerod 2014 , Hawkins et al. 2015 .
Understanding anthropogenic impacts on beta diversity is complicated by the fact that beta diversity is multifaceted and often defined (and measured) differently across studies (Anderson et al. 2011) . Two sources of variance among communities can contribute to beta diversity: species replacement, or substitution of species between sites (known as "taxa turnover" when the substitution occurs along a clearly defined gradient), and richness differences caused by species gain and loss, where some species-poor assemblages are simply nested subsets of other richer assemblages (Wright and Reeves 1992 , Lennon et al. 2001 , Baselga 2010 , Anderson et al. 2011 , Podani and Schmera 2011 . Many studies fail to distinguish these two components of beta diversity, yet they have contrasting conservation implications (Wright and Reeves 1992 , Angeler 2013 , Gutiérrez-Cánovas et al. 2013 . For example, if the beta diversity of a landscape is dominated by replacement, then many sites (i.e., a large area) should be protected to conserve regional (gamma) diversity. In contrast, when richness differences underlie beta diversity, protecting a few species-rich sites would suffice to preserve gamma diversity. Novel methods have recently been developed to decompose beta diversity indices into separate replacement and richness difference (or abundance difference) components (Baselga 2010 , Podani and Schmera 2011 , Podani et al. 2013 . The two components of beta diversity can then be analyzed separately, for example, to explore how they vary along environmental gradients or disturbance classes (Marini et al. 2013 , Podani et al. 2013 , Legendre 2014 . Although decomposition of beta diversity into replacement and richness/abundance differences could provide a common "beta diversity currency" that would make comparisons across studies v www.esajournals.org FUGÈRE ET AL.
easier and more informative, this method has yet to be broadly applied.
In this study, we employed methods of beta diversity decomposition to examine land use effects on the biodiversity of streams inside and outside of an African rain forest. Afrotropical inland waters are highly diverse ecosystems (Clausnitzer et al. 2012 , Collen et al. 2014 ) that, paradoxically, remain very poorly studied Chapman 2003, Jacobsen et al. 2008) . For example, to our knowledge not a single study has measured the beta diversity of afrotropical streams [although the analysis of Heino et al. (2015b) , included a sub-tropical data set from South Africa], let alone how it varies with anthropogenic land use. Moreover, many afrotropical regions also experience high rates of deforestation and agricultural expansion, both currently (FAO 2010 , Hansen et al. 2013 ) and expected over the next century (Laurance et al. 2014 ). This strong spatial overlap among forest conversion, biodiversity, and low research effort highlights the critical need for quantifying effects of deforestation on aquatic communities in tropical Africa (Chapman and Chapman 2003) . We measured the invertebrate community composition, environmental variables, and alpha and beta diversity of forested and deforested (agricultural) streams in and around a protected area located in an afrotropical biodiversity hotspot: the Albertine Rift Valley (Plumptre et al. 2007) . We focused our analysis on invertebrates because they are highly diverse, functionally important in stream food webs, and extremely responsive to changes in water quality (Wallace and Webster 1996 , Barbour et al. 1999 , Jacobsen et al. 2008 . We hypothesized that agricultural land use would alter stream communities and water chemistry and lead to a reduction in alpha diversity, as has been observed in many other regions. For beta diversity, we refrained from deriving specific predictions because, as mentioned above, we currently have a limited understanding of land use impacts on stream beta diversity, and existing empirical studies on this topic have reached contradictory conclusions (see also Heino et al. 2015a, b) .
Methods

Study region and site selection
Kibale National Park (hereafter Kibale) is a 795-km 2 patch of mid-altitude (1100-1600 m), moist evergreen rain forest located in southwestern Uganda (park geographical range: 0°13′-0°41′ N, 30°19′-30°32′ E; Fig. 1, left panel) . Kibale is one of the last few large forest fragments remaining in Uganda (Fig. 1, left panel) and one of the few remaining mid-altitude rain forests in East Africa (Wrangham and Ross 2008) . The park is located within the Albertine Rift Valley, which forms part of the "Eastern Afromontane" biodiversity hotspot described by Conservation International (Plumptre et al. 2007 , Mittermeier et al. 2011 . Kibale was designated as forest reserve (with controlled logging) in 1932 and then as a fully protected national park in 1993 (Struhsaker 1997) . Sixty percent of the park area consists of tall forest (canopy > 25 m high), with the remainder composed of wetlands, grasslands, timber plantations and regenerating forest that are mostly in the southern half of the park (Chapman and Lambert 2000) . The park receives ca. 1691 mm of rain annually, with two distinct wet and dry seasons (drier months = May-August and December-February; data collected between 1990 and 2003 by C. Chapman and L. Chapman) . Land use in the area surrounding Kibale is dominated by intensive smallholder agriculture (farms < 5 ha including a mix of pasture and small-scale subsistence agriculture) but also includes a few large tea estates and timber plantations (Hartter 2007 , Southworth et al. 2010 . Since 1920, a sevenfold increase in population density around the park and the associated surge in demand for farmland have resulted in no large tract of forest outside of the park, and the few remaining (small) forest fragments are being rapidly converted to agricultural land (Southworth et al. 2010) .
We compared 11 forested stream sites in the northern half of the park with 23 farm stream sites from two agricultural regions outside of the park (18 stream sites in Kabarole and five in Kamwenge districts, west and southeast of Kibale respectively; see Fig. 1 , right panel). These two agricultural regions were mostly cleared for agriculture prior to 1984 and currently have similar land use consisting of mixed intensive agriculture (Southworth et al. 2010) . To pick study streams within accessible areas in each of the three regions, we randomly selected easting and northing coordinates using the Universal Transverse Mercator grid system, and then walked from those random points to find the stream closest to each set of coordinates. Access to Kamwenge was harder from the field station where we resided in the northwestern region of the park (Fig. 1,  right panel) , limiting the number of sites selected. Within Kibale, access to streams was limited by availability of roads and trails, and therefore most of the sites that we chose were located close to the park border (Fig. 1, right panel) ; however, we only sampled streams originating within the park such that all forest sites were located several hundred meters upstream of the park border (and thus of any agricultural land use). In all regions, we only included first or second order streams of similar wetted width (<1 m) and depth (<50 cm mean depth), and we ensured that the same stream was not sampled more than once from two different sets of coordinates. Except for sparse shade trees or exotic eucalypts planted for timber, the riparian zone surrounding all of our farm sites consisted entirely of crops and grass.
Measurement of environmental variables and invertebrate sampling
All forest streams and all Kabarole farm streams were visited once between the summer dry season of 2005 or the winter dry season/early wet season of 2006. Logistical constraints prevented us from sampling all sites during a single season, such that we completed two sampling campaigns separated by a period of seven months (which included one wet season). After conducting preliminary analyses that indicated strong effects of land use in Kabarole, we subsequently sampled the five Kamwenge sites during the dry seasons of 2007, to verify that land use had similar effects across a larger spatial scale. Temporal variation (i.e., sampling date) had no apparent effect on our results, perhaps due to the coarse taxonomic resolution at which samples were identified (see below). Indeed, analyzing subsets of sites from the same season and/or excluding Kamwenge sites led to qualitatively identical results as when all sites were included in the analysis (see also Results section).
At each site, a 20-m reach was sampled at 5-m intervals, resulting in five sampling stations per site. At each station the following environmental variables were measured: benthic substrate composition, DO, water temperature, pH, specific conductance, and water transparency. pH was measured using an Oakton digital pH testr 2 (Model 76072; Forestry Suppliers, Jackson, Mississippi, USA). Conductance (μS/cm), DO (mg/L), and water temperature were measured with YSI meters (model 76244 and 76390; Forestry Suppliers). The dominant benthic substrate at each station was assessed visually and coded v www.esajournals.org FUGÈRE ET AL.
categorically based on particle size (1 = silt, 2 = sand, 3 = gravel, 4 = cobbles, 5 = boulders). Water transparency was measured by pouring a water sample in a graduated cylinder with a miniature Secchi disc at the bottom and recording the depth at which the disc disappeared (Kasangaki et al. 2008 ). All measurements of environmental variables were taken between 12:00 and 14:00 h. The five samples from each site were averaged to get a single mean value per site for each environmental variable.
Macroinvertebrate samples were collected at the same five sampling stations per site using a D-shaped kick net (bottom frame width = 40 cm, mesh size = 1 mm). Macroinvertebrates were sorted and preserved in 10% formalin on site. All individuals were later identified under a dissecting microscope to family level using various taxonomic keys (Day et al. 2001 , Day and de Moor 2002a , b, de Moor et al. 2003a , b, Stals and de Moor 2007 . Some groups were identified to higher taxonomic levels than family (Nematoda: phylum; Oligochaeta: order; Turbellaria: class). Given the limited taxonomic information available for many afrotropical invertebrate taxa, family is the lowest taxonomic level to which almost all taxa could be identified. Such a coarse taxonomic resolution could limit our ability to detect subtle site differences in community composition and/or biodiversity (Jones 2008) , or could have influenced our measurements of beta diversity due to the specific mathematical properties of family level data sets (e.g., fewer variables and zeros than in species-level community matrices; Vanderklift et al. 1996) . However, family richness and species richness often correlate strongly in stream invertebrate communities, and the same key environmental variables seem to drive assemblage composition at the species and family levels; thus, family level identification is sufficient to at least describe the main patterns of biodiversity/assemblage variation among streams in a given region (e.g., Melo 2005 , Heino and Soininen 2007 , Mueller et al. 2013 ). Finally, we pooled all five invertebrate samples per site to obtain a single abundance value per taxon per site.
Analysis of environmental variables and community composition
All statistical analyses were conducted in the statistical computing software R version 3.0.2 (R Core Team 2013). We first performed univariate tests to compare regions and land use types for all environmental variables independently. We used one-way ANOVAs to test for an effect of "region" (Kibale vs. Kabarole vs. Kamwenge) and planned contrasts with test for an effect of "land use" (Kibale vs. Kabarole + Kamwenge). Then, to detect differences between farm and forest streams when considering all environmental variables together, we performed a series of multivariate analyses using the R packages "vegan" and "cluster" (Oksanen et al. 2013 , Maechler et al. 2014 . We first conducted a cluster analysis using the UPGMA clustering method on a Gower dissimilarity matrix; Gower's coefficient is an appropriate dissimilarity index when the response variables are of different mathematical types (Borcard et al. 2011) ; in this case, benthic substrate was an ordinal variable. We did not cut the resulting tree in clusters; we simply noted whether sites with a similar land use (farm or forest) clustered together. A principal components analysis (PCA) was then used to reveal the environmental variables that differed most between farm and forest streams. We visualized PCA results with a correlation biplot to optimally represent the relationships among variables rather than site distances (Legendre and Legendre 2012) . Finally, to test whether there was an overall difference between farm and forest sites for all environmental variables combined, a permutational multivariate analysis of variance (PERMANOVA; Anderson 2001) was conducted using land use as a predictor variable and the Gower dissimilarity matrix as the response matrix. Since clustering and PCA results showed no difference between Kamwenge and Kabarole sites (see Results section), sites from both regions were grouped (land use = farm) for the PERMANOVA and all subsequent analyses.
We conducted similar analyses with the invertebrate community data to see whether land use types could also be distinguished based on their invertebrate assemblages. We first used a PER-MANOVA to test for an overall difference in community composition across land use types, using as the response matrix a Bray-Curtis dissimilarity matrix computed from log-transformed abundances. Then a UPGMA cluster analysis v www.esajournals.org FUGÈRE ET AL.
was conducted on this dissimilarity matrix to see whether farm and forest sites clustered together based on invertebrate community composition. Finally, we produced a heat map of relative abundance of abundant taxa (>20 individuals collected across all sites) to illustrate main differences in community composition between land use types.
Biodiversity analysis
To ensure that we adequately sampled the regional taxon pool, we first drew taxa accumulation curves using the "specaccum" function in vegan. We created separate curves for forest or farm streams alone, and for both stream types combined, to verify that our sampling of family richness reached an asymptote in each case. We then used the function "estaccumR" in vegan to estimate the size of the taxon pool in the farm and forest regions and used those extrapolated richness values as measures of gamma diversity in both landscapes. To measure alpha diversity, we calculated taxon (family) richness, Pielou's evenness, and ShannonWiener's H for each stream. We also measured rarefied richness (using the function "rarefy" in vegan) to control for potential abundance differences across land use types that could bias our estimates of family richness, using the abundance of the site with the lowest total abundance (77 individuals) as the subsample size. We used Wilcoxon rank sum tests to compare farm and forest sites for richness, rarefied richness, evenness, H, and total abundance. Beta diversity was estimated by calculating the average dissimilarity in invertebrate assemblage between all pairs of sites of a given land use type (Anderson et al. 2006 (Anderson et al. , 2011 . We used the "vegdist" function in vegan to first convert our community data into two separate distance matrices using the Jaccard dissimilarity index, which only considers taxa occurrences (presence), and the Ružička dissimilarity index (also known as the Marczewski-Steinhaus coefficient of dissimilarity; Podani et al. 2013) , which also incorporates abundances when calculating site dissimilarity. We graphically represented Jaccard-or Ružička-based site distances using principal coordinates analysis. We then performed a permutationbased test of multivariate homogeneity of group dispersions (PERMDISP) on each distance matrix using the function "permutest.betadisper" in vegan. This test assesses the mean distance of sites from their group centroid in multivariate space; if one of the groups (in this case a land use type) has a significantly higher mean distance, then this group has more dissimilar assemblages on average and therefore greater beta diversity (Anderson et al. 2006) . We used Jaccard and Ružička indices to produce distance matrices, because those are most easily decomposed into replacement and richness/abundance matrices (see following paragraph). These indices, however, can be biased by differences in alpha diversity among groups (Chase et al. 2011) , i.e., land use types in this case. To measure beta diversity independently of alpha diversity, we also calculated dissimilarity using the Raup-Crick index computed with the "raupcrick" function in vegan. This function uses null models to predict the number of shared taxa between two sites based on site richness and the frequency of taxa occurrence, and calculates dissimilarity as the deviation from this predicted number of shared taxa. This approach is useful to compare the beta diversity of regions or experimental treatments that differ in alpha diversity (Chase et al. 2011 ), which we expected to be the case here. Finally, farm sites may show higher dissimilarity than forest sites because we sampled more farm sites. To correct for this potential bias, we ran a resampling procedure where we selected 11 farm sites from the 23, computed a new Jaccard or Ružička distance matrix, calculated the median multivariate distance of those 11 sites to their group centroid, and repeated the process 10,000 times. We then used those 10,000 estimates to corroborate the results of the PERMDISP tests by calculating the probability of observing a median distance to centroid with a random collection of 11 farm sites that was greater or lesser than the median distance observed for the 11 forest sites.
To analyze which component of beta diversity was affected by land use, we used the recent method developed by Podani and Schmera (2011) and Podani et al. (2013) that decomposes a distance matrix into both a replacement matrix and a difference in richness (for Jaccard) or abundance (for Ružička) matrix. One can then divide the summed dissimilarity of the replacement matrix or changes in richness/abundance matrix by the total dissimilarity calculated in the original Jaccard/Ružička matrix to get an estimate of the v www.esajournals.org FUGÈRE ET AL.
relative contribution (%) of both processes (replacement and changes in richness/abundance) to total beta diversity. We used the R function "beta.div.comp" provided in a recent publication (Legendre 2014 ) to perform such a decomposition of our four distance matrices (Jaccard/ Ružička, farm/forest). To test whether the percent contribution of replacement to beta diversity (henceforth %CRBD) differed between land use types, we used a similar resampling procedure than described above for distance to group centroid: we randomly selected 11 farm sites from the 23, computed a new Jaccard or Ružička distance matrix, decomposed it to get %CRBD, repeated the process 10,000 times, and used those 10,000 estimates to: (1) build a 95% confidence interval around our estimate of %CRBD for farm sites, and (2) calculate the probability of observing with a random sample of 11 farm sites a %CRBD value similar to what was observed for forest sites.
results
All three regions had similar water conductance, pH, and transparency; however, regions differed in DO, substrate particle size, and water temperature (Table 1) . This difference was due to an effect of land use: forest sites had higher DO, a substrate composed of larger particles, and lower maximum water temperature than farm sites (Table 1) . Kamwenge and Kabarole (farm) streams clustered together based on environmental variables but both agricultural regions differed markedly from the forest sites ( Fig. 2A, left panel) . Only one farm stream (stream number 1 from Kabarole region) clustered with the forest streams. A PERMANOVA comparing farm and forest sites confirmed that land use had a strong effect on stream environmental variables (F 1,32 = 22.693, P < 0.001). Principal components analysis also showed strong differences between farm and forest sites (Fig. 2B) . With the exception of Kabarole 1, the two types of land use separated completely along principal components (PC) 1 and 2, which explained 67.36% of site variation in environmental variables. Farm and forest sites separated best along PC1; the environmental variables with the highest loadings for this component were DO, water temperature, and mean substrate particle size, confirming the trends described above and seen in Table 1 . PC2 loaded primarily with pH and conductance, which varied across sites within regions but not between land use categories.
Farm and forest sites also differed strongly in macroinvertebrate community composition (PERMANOVA: F 1,32 = 15.61, P < 0.001). Cluster analysis revealed that forest sites had a community composition more similar to other forest sites than to farm sites ( Fig. 2A, right  panel) , with the exception of two farm sites that had forest-like assemblages (Kabarole 18 and 19; interestingly, those two sites do not include Kabarole 1, which had environmental variables similar to forest sites). Forest assemblages were characterized by many mayfly and caddisfly taxa such as Calamoceratidae, Hydropsychidae, Lepidostomatidae, and Leptophlebiidae (Appendix S1: Fig. S1 ). Elmidae (Coleoptera), Tipulidae (Diptera), and Turbellaria were also abundant at many forest sites. Farm sites, on the other hand, had a very high abundance of dragonfly larvae (Libellulidae) and air-breathing planorbid snails. Chironomidae (Diptera) and Caenidae (Ephemeroptera) were the only two taxa abundant across both land use types, although Caenidae were much more abundant in farm than forest streams (Appendix S1: Fig. S1 ). Taxa accumulation curves indicated that we sampled enough streams to characterize the taxon pool of both landscapes (Fig. 3A) . The size of the taxon pool estimated for the forest and farm landscapes was 46 and 50 taxa, respectively, while that of both land use types combined was 57. Total invertebrate abundance was similar across land use types (Fig. 3B) . However, family richness was much lower for farm sites than forest sites, with median richness being eight families or 40% lower at farm than forest sites (Fig. 3C ). Farm sites also had lower values for all other measures of alpha diversity, namely rarefied family richness, Pielou's evenness, and Shannon-Wiener's H (Fig. 3D-F) .
Total beta diversity was higher for farm sites than forest sites both when dissimilarity among sites was calculated based on taxa occurrence (PERMDISP for Jaccard distance: F 1,32 = 29.17, P < 0.001; Fig. 4A ) or abundance (PERMDISP for Ružička distance: F 1,32 = 15.51, P < 0.001; Fig. 4C ), although the difference was more pronounced for taxa occurrence. This result was not due to differences in alpha diversity between land use types: farm sites also had greater Raup-Crick dissimilarity than forest sites (PERMDISP F 1,32 = 13.75, P < 0.001; Appendix S1: Fig. S2 ). No combination of 11 farm sites out of 10,000 random samples produced a median distance to group centroid that was as low as what was observed for forest sites, neither for Jaccard-nor Ružička-based distances (see distribution of 10,000 medians in red next to boxplots of Fig. 4A, C) . Decomposition of Jaccard distance matrices showed that %CRBD was similar for farm sites (70%) and forest sites (74%; Fig. 4B ). This difference of 4% is likely due to sampling error because: (1) the value of 74% observed for forest sites was well within the confidence interval calculated for farm %CRBD based on 10,000 random combinations of 11 farm sites (Fig. 4B) , and (2) the probability that one of those random samples had a %CRBD value higher than 74% was 0.35. In contrast, decomposition of Ružička distance matrices showed that %CRBD was higher for farm sites (54%) than forest sites (39%; Fig. 4D ). None of 10,000 combinations of 11 farm sites yielded a %CRBD value as low as what was observed for forest sites, and the forest %CRBD was 5% lower than the lower limit of the confidence interval calculated for farm %CRBD (Fig. 4D) . In summary, total dissimilarity in taxa occurrence, and hence beta diversity, is much greater among farm sites than forest sites, with a similar relative contribution of taxa replacement in both land use categories. The smaller difference in beta diversity between land use classes when using Ružička distance instead of Jaccard distance is due to large abundance differences among forest sites.
dIscussIon
Our comparison of environmental variables and invertebrate assemblages of forested streams inside Kibale National Park with nearby streams that were deforested over the past century demonstrated that forest conversion strongly modifies the habitat, community composition, and biodiversity of streams from a region that has been largely under-studied by stream ecologists. Compared to forest streams, farm streams had higher water temperature, a finer benthic substrate, and lower DO. Invertebrate assemblages of farm and forest streams were markedly distinct, and farm streams had a much lower alpha diversity than forest streams. However, beta diversity was greater over the agricultural landscape than in the park, with similar relative contribution of replacement to beta diversity in both types of land use. We now examine in turn each of these findings in more detail, and then conclude by briefly discussing the general conservation implications of our results.
Increases in water temperature, stream bed siltation, and decreased DO are well-known effects of shade removal, catchment erosion, and increases in biological oxygen demand that can accompany riparian deforestation and agricultural land use (Allan 2004 , Ramirez et al. 2008 . Similar abiotic effects of forest conversion have been observed in high-altitude regions of Uganda (Kasangaki et al. 2008) , at dryer sites in East Africa (Masese et al. 2014) , and around rain forests in other tropical regions (e.g., Iwata et al. 2003, Lorion and Kennedy 2009) . These modifications of the stream habitat most likely contributed to the lower alpha diversity observed in deforested streams; many studies at other tropical sites have linked deforestation-induced habitat degradation to a decrease in stream alpha diversity (Benstead et al. 2003 , Bojsen and Jacobsen 2003 , Lorion and Kennedy 2009 , but see Encalada et al. 2010 for greater richness in pasture than forest streams). Benthic siltation could be a major driver of such declines in richness, as this disturbance can in itself lower invertebrate alpha diversity in both tropical and temperate streams (Wantzen 2006, Larsen and Ormerod 2014) . In other systems, the negative effects of agricultural land use on species richness was linked to insecticide use (Schulz and Liess 1999) . No data is available on pesticide use in this region, but it is possible that insecticides also contribute to the decline in alpha diversity that we observed in the agricultural landscape.
The lower invertebrate richness of agricultural sites is likely to have negative impacts on stream ecosystem processes such as decomposition of leaf litter and benthic primary production (Jonsson and Malmqvist 2000, Cardinale and Palmer 2002, Lecerf and Richardson 2010) . Some taxa that were absent from agricultural streams have been described as functionally important in other tropical streams. For example, the abundance of leaf-shredding calamoceratid caddisflies has been reported as a good predictor of litter decomposition rate in Ecuadorian streams (Encalada et al. 2010 ). We observed a very high abundance of calamoceratid caddisflies in forested streams but not in agricultural streams. Other caddisfly families described as important decomposers/shredders in tropical streams (e.g., Lepidostomatidae; Masese et al. 2014) were also absent from agricultural streams adjacent to Kibale. The loss of these detritivorous taxa is very likely to reduce rates of organic matter processing in agricultural streams, a hypothesis currently being addressed with a litterbag experiment in a subset of our study streams.
Although alpha diversity was much lower in farm streams, we observed greater beta diversity over the deforested landscape than inside the park. This result may be a consequence of variation in other biodiversity components, as beta diversity is simply a product of alpha and gamma diversity (Chase et al. 2011 . For example, the lower alpha diversity of farm sites could lead to a greater mean Jaccard dissimilarity simply because of a sampling effect (Chase et al. 2011 ). This alpha-dependence of many beta diversity indices prompted the development of null modeling approaches that calculate the probability that two sites share a given number of species based on both site richness and the frequency of occurrence of each taxon across the landscape. We employed one such null modelbased dissimilarity index (the modified RaupCrick index; Chase et al. 2011) and confirmed that farm communities are more dissimilar than forest communities even when accounting for differences in alpha diversity between land use types. Gamma diversity, in this case the total number of taxa sampled in a given land use type, was similar for forest sites (46 taxa) and farm sites (50 taxa). The fact that we sampled more sites and over a larger geographical area in the agricultural landscape than inside the park could have overestimated the apparent gamma diversity of farm sites, which would effectively overestimate their relative beta diversity as well. However, this explanation is unlikely for four reasons: (1) species accumulation curves showed that sampling effort was sufficient to appropriately estimate gamma diversity in both land use classes; (2) only four taxa occurred in the Kamwenge sites but not in the Kabarole sites, such that including five v www.esajournals.org FUGÈRE ET AL.
sites from Kamwenge only had a modest effect on farm gamma diversity; (3) although we did not conduct formal spatial analyses, community composition was not apparently linked to site proximity. For example, the two farm sites with unusual (forest-like) assemblages, Kabarole 18 and 19, were located in the center of the Kabarole area close to sites that had no forest taxa; and (4) our resampling procedure showed that all random combinations of 11 farm sites had greater beta diversity than the 11 forest sites (and many of those combinations excluded all Kamwenge sites and the two outliers from Kabarole). Therefore, farm communities do have greater beta diversity than forest communities, which leads to similar gamma diversity between land use types despite the lower alpha diversity of farm sites. Decomposition of beta diversity confirmed that taxa replacement/turnover contributed an equally large fraction to beta diversity in both landscapes (70% vs. 74%), such that absolute taxa replacement (i.e., total dissimilarity × %CRBD) was higher over the agricultural landscape.
This finding contrasts with results obtained in other studies of stream invertebrate beta diversity. Some authors working in temperate regions found a negative relationship between invertebrate beta diversity and forest degradation (Heino et al. 2009 ) or proxies of land use intensity such as nutrient concentration (Johnson and Angeler 2014) or percent crop cover in the watershed (Maloney et al. 2011) . The only other tropical study that we are aware of also found a negative impact of deforestation on stream invertebrate beta diversity, although the authors used an entirely different statistical approach (Bojsen and Jacobsen 2003) . Studies on other stream taxa (e.g., algae: Passy and Blanchet 2007) or other freshwater ecosystems (e.g., lake invertebrates: Donohue et al. 2009 ) also report a decrease in beta diversity in impacted landscapes. In contrast, Larsen and Ormerod (2014) found no difference in beta diversity among pasture and seminatural streams. Bini et al. (2014) reported a hump-shaped response of stream beta diversity to nutrient concentration linked in part to agricultural land use, but the geographical extent of the study was so large that land use effects cannot be distinguished unambiguously from broad-scale spatial variation in environmental variables. Aside from results reported here, only two other studies have found greater stream beta diversity in human-altered landscapes at the regional scale (Gutiérrez-Cánovas et al. 2013 , Hawkins et al. 2015 . Interestingly, one of these studies found that land use affected richness differences but not taxa turnover/replacement, which is inconsistent with what we report (Gutiérrez-Cánovas et al. 2013) . Our results for afrotropical streams, therefore, only agree with one other study (Hawkins et al. 2015) .
Resolving these discrepancies will require many additional empirical studies, but also a common method for measuring beta diversity. Some studies have measured beta diversity using dissimilarity indices that include abundance differences across sites, which could inflate the apparent beta diversity of undisturbed sites (e.g., Maloney et al. 2011, Johnson and Angeler 2014) . Indeed, when we used abundance data to calculate dissimilarity, we also observed less difference in beta diversity between farm and forest communities, but beta diversity decomposition demonstrated that this effect was due to an increase in abundance differences among forest sites, rather than actual taxa replacement. Other studies that did decompose beta diversity (Gutiérrez-Cánovas et al. 2013 , Bini et al. 2014 , Hawkins et al. 2015 all: (1) employed a slightly different method that partitions beta diversity into "nestedness" and turnover instead of richness differences and replacement (Baselga 2010) , and (2) used presence-absence data only for decomposition. We opted for the decomposition method of Podani and Schmera Schmera 2011, Podani et al. 2013 ) because the interpretation of richness/abundance differences is perhaps simpler than that of nestedness, which only includes a fraction of total richness differences (Legendre 2014) , and because the decomposition method for abundance data is a simple logical extension of decomposition based on presence-absence data (Podani et al. 2013) . Regardless of the choice of decomposition method, we believe that distinguishing replacement from richness differences is important in understanding which component of beta diversity is affected by anthropogenic disturbances and propose that such analytical approaches be more commonly integrated into studies evaluating effects of landscape change on aquatic communities. General responses of stream beta diversity to v www.esajournals.org
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anthropogenic land use will most likely only be detectable if various studies compare the same component(s) of beta diversity.
Our results indicate greater beta diversity among agricultural than forest sites, with equal contribution of taxa replacement in both land use categories; the obvious question that follows is what metacommunity processes underlie this pattern. Three commonly invoked mechanisms could explain the greater beta diversity of agricultural sites: increased productivity, decreased dispersal, and/or increased habitat heterogeneity. Chase (2010) demonstrated experimentally that landscape productivity can correlate positively with beta diversity due to stronger priority effects during community assembly in more productive environments, and proposed that cultural eutrophication of water bodies could lead to increased beta diversity (see also Bini et al. 2014) . Our results would be consistent with this hypothesis if our agricultural streams were more productive than forest streams. However, we measured nutrient concentrations, periphyton biomass, algal accrual on artificial substrates, and wholestream primary production from a subset of farm streams for another study (V. Fugère and L. Chapman, unpublished manuscript) and observed low primary production and nutrient concentrations (e.g., orthophosphate < 10 μg/L, which would be equivalent to nutrient-poor, undisturbed streams in other regions). In addition, heterotrophic production should be lower at farm sites due to reduced canopy cover/litter inputs, making it even less likely that whole-stream productivity would be considerably higher at farm than forest sites. We therefore speculate that increased productivity is unlikely to explain our results, but this hypothesis remains to be disproved.
If among-stream dispersal of aquatic taxa was more limited in the agricultural than forested landscape, greater beta diversity of farm communities would be expected (Matthiessen and Hillebrand 2006) . The limited data available on effects of land use on the dispersal of adult (flying) stream insects indicate that riparian deforestation can hinder, facilitate, or have no impact on dispersal, depending on which taxa are considered (Briers et al. 2002 , Petersen et al. 2004 , Smith et al. 2009 ). Shifts in community composition associated with changes in water quality could also influence the mean dispersal rate and/or distance of farm and forest communities, regardless of land use impacts on adult flight activity. These hypotheses require further study given the current paucity of data on land use impacts on stream invertebrate dispersal (Smith et al. 2009 ).
Increased habitat heterogeneity across streams could also account for the greater beta diversity of farm communities if deforestation and agricultural land use created a diversity of stream habitats from what was otherwise fairly homogeneous stream conditions inside the forest. We did observe greater variance in environmental variables for farm than forest streams, for example in our PCA results. The only other study of stream beta diversity in agreement with ours (Hawkins et al. 2015 ) also found greater habitat heterogeneity among disturbed than pristine sites and concluded that this was the likely cause of the higher beta diversity observed at disturbed sites. Numerous other studies have looked at the relationship between stream habitat heterogeneity and invertebrate beta diversity, but results are mixed, possibly because of variation in the spatial scale at which beta diversity is measured (Astorga et al. 2014 , Bini et al. 2014 , Heino et al. 2015a . Based on a recent conceptual framework, regional-scale, among-stream beta diversity would be expected to be most strongly related to habitat heterogeneity (followed by species sorting) rather than dispersal rates (Heino et al. 2015a ). We therefore believe that increased habitat heterogeneity across streams is the most likely explanation for the greater beta diversity of farm streams, but a more precise characterization of stream habitats would be required to test this hypothesis, including for example hydrological variables (current velocity, bed shear stress, etc.) in addition to water chemistry. Such data could be obtained in the future; however, given that experimental approaches are more likely to unambiguously expose processes regulating beta diversity (Anderson et al. 2011) , we are instead planning manipulative experiments to test some hypotheses that emerge from our results.
Regardless of the metacommunity processes that underlie the differences in biodiversity patterns that we observed between farm and forested landscapes, these differences have important implications for biodiversity conservation in this region. Although the total number of taxa present in both land use types was similar, v www.esajournals.org FUGÈRE ET AL.
the community composition of farm and forest streams was strikingly different. Many taxa only occurred inside the park, indicating that forests are key contributors to regional diversity. Yet, except for Kibale and a few other protected areas, a large fraction of previously forested areas of the Albertine Rift has already been cleared, and the small forest fragments that remain are rapidly being converted to agricultural land as human population density continues to increase (Plumptre 2002 , Southworth et al. 2010 . Protected forests therefore seem essential to safeguard the diversity of aquatic invertebrates in the Albertine Rift (see also Plumptre et al. 2007 for a similar argument based on terrestrial taxa). The high contribution of replacement to beta diversity inside the park (74% when based on presence-absence data) indicates that community composition varies considerably even within Kibale, such that any reduction in park area could drive biodiversity loss. Fortunately, although agricultural encroachment in Kibale was common in the past (Chapman and Lambert 2000) , forest cover within the park boundaries has been quite stable in recent years (Southworth et al. 2010) , suggesting that this protected area should be effective at preserving forest-specific taxa in this region. Such protection is unfortunately not standard across the afrotropics, as the majority of threatened freshwater species in sub-Saharan Africa occur in watersheds with insufficient protected land cover to avoid potential declines in water quality (Darwall et al. 2011) . Interestingly, farm sites also had many taxa absent from the park, and deforested streams had high landscape-scale diversity. Even if farm streams have environmental variables indicating a degraded habitat (lower DO, higher temperature, more silt on the stream bed), they most likely provide favorable conditions for taxa adapted to more open habitats, such as gastropods grazing on algae. This suggests that a mosaic of forested and open habitats (not necessarily disturbed) is likely optimal to conserve the regional species pool. At the watershed scale, species diversity of African dragonflies also seems to correlate with landscape heterogeneity (Clausnitzer et al. 2012) , although in this case the greatest regional diversity is observed in watersheds containing a mixture of natural (not degraded) habitats.
In conclusion, this study clearly demonstrates impacts of deforestation and agricultural land use on stream biodiversity in the afrotropics, a region that has received little attention from stream ecologists Chapman 2003, Jacobsen et al. 2008) . The effects that we observed were quite strong, such that further investigation aiming to reveal the metacommunity mechanisms responsible for such effects is a promising avenue for future research. It would also be important to examine whether deforestation also increases stream beta diversity at other tropical sites, using recent methods to measure and decompose beta diversity. Finally, additional studies documenting land use impacts on afrotropical streams are critically needed given the vast agricultural expansion that is expected for this region over the course of the 21st century (Laurance et al. 2014) ; monitoring how such anthropogenic land cover changes affect highly diverse afrotropical inland waters is vital for the conservation of global freshwater biodiversity.
